H I G H L I G H T S
• Evaluated bioaccumulation of cyclic volatile methysiloxanes (cVMS) in Tokyo Bay, Japan.
• Alternative methods developed to calculate TMF that control bias and incorporate uncertainty.
• No evidence to suggest biomagnification of cVMS across sampled aquatic food web.
• Differences in bioaccumulation compared to other study areas attributed to non-uniform migration of organisms across spatial concentration gradients.
G R A P H I C A L A B S T R A C T a b s t r a c t a r t i c l e i n f o
1. Introduction
Background
Cyclic volatile methylsiloxanes (cVMS) are a class of silicone compounds having an unusual combination of physical-chemical properties that are produced in high volumes and widely used in industrial and consumer applications worldwide. These substances are key intermediates for the manufacture of siloxane polymers (Allen et al., 1997; Hobson et al., 1997) , are used as dry cleaning solvents and industrial cleaning fluids (Horii and Kannan, 2008; Wang et al., 2013) , and are used in a variety of personal care products including shampoos and hair-conditioners, skin creams, cosmetics, and deodorants (Montemayor et al., 2013) . Generally, cVMS have low to moderate molecular weights (297 to 445 amu), large vapor pressures (4.7 to 132 Pa at 25°C), and low water solubility (5 to 56 μg/L), resulting in large air/ water partition coefficients (K AW ) and octanol/water partition coefficients (log K OW 6.98 to 8.87) ( Table S1 of the Supporting information, SI). Unlike other neutral organic chemicals, the organic carbon/water partition coefficient (K OC ) is more than two orders of magnitude less than would be predicted from the K OW . Wastewater is the major disposal route for cVMS and wastewater effluents represent the most significant source to aquatic environments where volitalization to the atmosphere and deposition to sediment are expected to occur (Hughes et al., 2012; Kim et al., 2013; Mackay et al., 2014; Whelan, 2013) .
Cyclic volatile methyl siloxanes are generally not toxic at their limits of solubility or sorption capacity (Brooke et al., 2009a (Brooke et al., , 2009b (Brooke et al., , 2009c Mackay et al., 2016; Mackay et al., 2015b; Siloxane D5 Board of Review, 2011; Wang et al., 2013) but have become the subject of considerable scientific and regulatory interest because of their high log Kow values (Xu and Kropscott, 2012) and laboratory-based bioconcentration factors (BCF), which range from 1660 to 13,400 L/kg . They have been identified as suspected bioaccumulative chemicals in a number of categorization exercises (Howard and Muir, 2010; Kaj et al., 2005a; Muir and Howard, 2006) and may meet regulatory screening criteria for bioaccumulation potential as identified in regulatory reviews by the United Kingdom (Brooke et al., 2009a (Brooke et al., , 2009b (Brooke et al., , 2009c , Canada (Environment Canada and Health Canada., 2008a , 2008c , Nordic States (Kaj et al., 2005a (Kaj et al., , 2005b , the European Chemicals Agency (ECHA, 2015) , and a judicial review (Giesy et al., 2016; Mackay, 2015; Siloxane D5 Board of Review, 2011) . Comprehensive reviews of toxicity, detection, occurrence and fate of cVMS in the environment (primarily D5) are available Fairbrother et al., 2015; Gobas et al., 2015a Gobas et al., , 2015b Mackay et al., 2015a Mackay et al., , 2015b Wang et al., 2013) .
Regulatory screening and assessment criteria used to identify potential bioaccumulative and biomagnifying substances are typically based on laboratory measured BCF and biomagnification factors (BMF), or field measured bioaccumulation factors (BAF) and biota-sediment accumulation factors (BSAF). However, the field-based trophic magnification factor (TMF) is increasingly being used to assess bioaccumulation and biomagnification of chemicals in the environment (Gobas et al., 2009; Walters et al., 2016) . While there is a general consensus for how TMF studies should be conducted and interpreted (Borgå et al., 2012b ; Burkhard et al., 2013; Conder et al., 2012 ), there appears to have been relatively little effort on how a TMF should be derived from the field data since the early work of Fisk et al. (2001) .
The TMF is derived as a function of the relative trophic level position occupied by an organism (reviewed by Borgå et al., 2012b) , which is calculated from the trophic enrichment of δ 15 N (the ratio of 15 N to 14 N, expressed relative to a standard value) between the diet and tissue of the organism (reviewed by Layman et al., 2012) . However, transforming δ 15 N values into trophic positions requires a trophic discrimination factor which is one of the most unresolved areas of isotope ecology (Steffan et al., 2013) and remains an area in which experimental work continues to be needed Wolf et al., 2009 ). The δ 15 N trophic discrimination factor (Δ 15 N) used to calculate relative trophic level position, and by extension the TMF, has a high degree of variability (Caut et al., 2009; Steffan et al., 2013; Wyatt et al., 2010) , is known to be influenced by numerous physiological and environmental factors McCutchan et al., 2003; Wyatt et al., 2010) , and continues to remain a major problem for trophic ecology. Despite these limitations TMF studies rely on assumed trophic discrimination constants without propagating error in the assumed values through the trophic hierarchy of a food web, which may cause large errors in the estimation of food sources, trophic position, and TMF. Improved methods are thus needed to better quantify and incorporate uncertainty associated with Δ 15 N into derivation of TMF from field data.
Objectives
The objective of the work described in this paper was to evaluate bioaccumulation and trophic transfer of three cVMS and two polychlorinated biphenyls (PCB) across the pelagic marine food web in Tokyo Bay, Japan. Trophic transfer was evaluated using TMFs calculated from the slopes of regression models that were developed to control bias and uncertainty associated with experimental design, food web dynamics, and trophic level structure. Trophic magnification factors were derived using two methods: 1) the standard approach based on ordinary least-squares regression models (Borgå et al., 2012b) and 2) alternative approaches that were based on proposed bootstrap regression models (Powell, 2010) described here. No attempt was made to control bias from variable exposure resulting from nonuniform movement of organisms across spatial concentration gradients (Kim et al., 2016; McLeod et al., 2015) but the impacts of these confounding factors are discussed. The three cVMS evaluated were octamethylcyclotetrasiloxane (D4; CAS No. 556-67-2), decamethylcyclopentasiloxane (D5; CAS No. 541-02-6) and dodecamethylcyclohexasiloxane (D6; CAS No. 540-97-6). The two PCB congeners evaluated were 2,3,4,5,2′,4′,5′-heptachlorobiphenyl (CB-180) and 2,4,5,2′,4′,5′-hexachlorobiphenyl (CB-153), both of which are "legacy" chemicals that are known to bioaccumulate in aquatic organisms and biomagnify across aquatic food webs. The PCB congeners were used as a benchmark chemical to calibrate the sampled food web and as a reference chemical to substantiate the results of the study. Original methods (Powell, 2013) are also described that used benchmarking to 1) derive a Δ 15 N value needed to calculate TMF that was specific for the sampled food web, 2) quantify and incorporate uncertainty of Δ 15 N into the calculation of TMF, and 3) calculate TMF independently of Δ 15 N. To our knowledge, this is the first published study that utilizes benchmarking to calculate TMF and derive a Δ 15 N value that is specific for the food web under consideration.
Experimental

Study area and sample collection
Tokyo Bay is one of the most eutrophic embayments in Japan and is described in detail elsewhere Pan et al., 2014; Sakurai et al., 2010) and in Section S1.1 of the SI. Sediment, fish, and associated quality control samples were collected November 2011 from within a defined 500 km 2 study area that covered approximately 55% of inner Tokyo Bay (Fig. S1 of the SI). The study area was defined using a two-dimensional a priori probability design (Gilbert, 1987) , based on 25 km 2 central aligned square grids that extended seaward from the head of the bay towards the narrows between Cape Kannon and Cape Futtsu. The two largest wastewater treatment centers in the Tokyo metropolitan area (Morigasaki and Shibaura), which account for 32% of the total wastewater released to the bay or inflowing rivers (Tokyo Metropolitan Government, 2009) , discharge directly to the bay near sites A4 and B4 of the defined study area. Surface sediments were collected from 20 locations by systematic sampling near the center of each square that was defined by the grid. Fish were collected by commercial trawl and round haul fisheries operating within the northern part of the defined study area. Targeted sampling was used to retain specific species and sizes from the total catch that were representative of the pelagic food web in Tokyo Bay (Table 1) . Except for Japanese seabass (Lateolabrax japonicas), which were treated as individual samples, fish were pooled into 1 to 3 composite samples each consisting of 4 to 55 individuals per composite (Table 2) . Additional details for sample collection are provided in Section S1.2 of the SI.
Sample characterization
Sediment samples were characterized for water content, total volatile matter (a surrogate measure of organic matter), bulk density, and total organic carbon (TOC). Biological samples were characterized for water content and lipid content. Sediment and biota were also characterized for isotopic signatures of nitrogen (N; δ 15 N‰) and carbon (C; δ 13 C‰). Additional details and results for sample characterization are provided in Sections S1.3 and S1.4 of the SI.
Analysis of cVMS and PCB
Concentrations of cVMS in sediment were measured in extracts of wet sediment that were spiked with internal standards. Concentrations of cVMS and PCB in fish were measured in extracts of whole-body homogenates that were spiked with internal standards. Concentrations in extracts of fish and sediment were quantified for cVMS and PCB using gas chromatography/quadrupole mass spectrometry or high-resolution gas chromatography/high-resolution mass spectrometry, respectively. Concentrations of PCB in sediment were not determined as part of this study, but were obtained from the literature Lee et al., 2013; Pan et al., 2014; Tamada et al., 2006) . Additional details for analysis of samples are provided in Sections S1.5 and S1.6 of the SI.
Quality control
Special care and precautions were taken to avoid contamination and loss from evaporation and degradation during sample collection, storage and analysis. Details and results of the quality control program are provided in Section S1.7 of the SI.
Calculations and data analysis
Food web structure
Structure of the sampled food web was evaluated using δ 15 N and δ 13 C as continuous variables for estimating trophic level position occupied by each organism and for assessing the sources and flow of dietary carbon to consumers in the food web, respectively (Borgå et al., 2012b; Caut et al., 2009; Layman et al., 2012) .
Trophic level position
The relative trophic level (TL) occupied by each consumer in the sampled food web was calculated from the δ 15 N signatures of the consumer (δ 15 N consumer ) and a baseline consumer (δ 15 N base ), the TL 
For this study, Japanese sardinella (Sardinella zunasi) was selected as the baseline consumer and TL base = 3.1 was identified from FishBase (Froese and Pauly, 2015) as the TL for the species. An average trophic discrimination constant of Δ 15 N = 3.4‰ TL −1 reported by Post (2002) was used for the calculations as recommended by Borgå et al. (2012b) . 
Average values for Δ
15
N typically used to calculate TL (Eq. (1)) have a high degree of associated uncertainty because they are derived from meta-analyses of large numbers of studies on tissue-diet discrimination of δ
N by individuals and single species. In contrast, uncertainty associated with Δ 15 N BM (Eq. (2)) is reduced because the value is specific to the sampled food web from which it was derived.
Food web magnification
Food web magnification was evaluated using the TMF, which describes the change in concentration of a chemical in organisms that occupy successively higher trophic levels within a food web (Borgå et al., 2012b) . Trophic magnification factors were derived using two methods: 1) the standard approach based on ordinary least-squares regression models and 2) alternative approaches based on bootstrap regression models.
Standard approach
Trophic magnification factors are typically calculated as the antilog of the slope (β) of the linear model (y = α + βx) for log-transformed lipidnormalized concentration in the organism (C organism ; ng/g lipid) regressed on the trophic level position of the organism (TL organism ; nondimensional) across the food web. When written in terms of TL and concentration, the slope (i.e., β TL [CONC] ) and TMF may be depicted by the slope-intercept form of the regression model (Section S2.2 of the SI):
Alternative approaches
As an alternative to the standard approach TMF may also be directly calculated from the slope of the linear model of log-transformed concentration regressed on δ 15 N (i.e., β δ15N [CONC] ) and Δ 15 N using the equation (Section S2.2.1 of the SI):
Calculation of TMF as a direct multiple of Δ 15 N eliminates the requirement of Eq. (1) to identify a baseline consumer and estimate the TL that the baseline consumer occupied in the food web, which are both problematic measures characterized by fundamental limitations and considerable uncertainty (Layman et al., 2012) . In addition, structure of the food web may be evaluated directly from isotopic niche scatterplots of the measured data, as shown in Fig. S4 (SD) were used to define species-specific probability density functions (PDFs) for the probabilistic assessments. Standard deviations in parentheses () were estimated using sampling variances from other studies (Borgå et al., 2012a (Borgå et al., , 2012b Borgå et al., 2013; Houde et al., 2008; McGoldrick et al., 2014; Powell et al., 2010; Powell et al., 2011; Powell et al., 2009 ) conducted on cVMS and PCBs. Estimated standard deviations were used for all composite samples and for samples having replication less than three (n ≤ 3).
concentration of the contaminant or test material in an organism (C TM ) normalized to the concentration of the benchmark chemical in the organism (C BM ):
Calculation of TMF using the benchmark approach (Eq. (5) or (6)) thus generates TMF values for a calibrated food web that are independent of the Δ 15 N value that is required for calculation of TMF by Eqs. (3a), (3b) and (4). Although Eqs. (4), (5), and (6) all generate the same value for TMF, total uncertainty (e.g. 95% confidence interval) will be different for each equation depending upon how uncertainty is incorporated into the calculations. A key advantage of calculating benchmarked TMFs based on concentration (Eq. (4)) or concentration ratios (Eq. (6)), rather than slope ratios (Eq. (5)), is that Studentized deleted residuals, which indicate possible outliers in the regression model (Sheskin, 2000) , can be used to identify problematic samples that may require further evaluation.
Regression models
Standard and benchmarked TMFs were calculated as the antilog of slopes obtained from ordinary least-squares (OLS) regression models. Although the equations above are shown with standard error terms included (i.e. ± SE), studies rarely propagate such error in the calculations unless resampling techniques are used (for example, Starrfelt et al., 2013) . Thus TMFs were also calculated as the antilog of slopes obtained from bootstrap regression models that used Monte-Carlo sampling with replacement to propagate error through the trophic hierarchy of the sampled food web. Details of the regression models used to obtain slopes from which TMFs were calculated are provided in Section S2.2 of the SI.
Bootstrap regression (Efron and Tibshirani, 1994; Good, 2006 ) was used as a robust alternative to OLS regression because it is useful for analyzing small data sets of limited sample size, is not sensitive to outliers, and provides standard errors and other statistics that are more accurate than OLS regression when assumption violations exist (Sheskin, 2000) , and may thus be used to control for bias resulting from experimental design. For example, bootstrap regression may be used to control unbalanced sample designs (i.e. unequal sample replication) where some species are collected and analyzed in large numbers relative to other species that are more difficult to collect or analyzed as a few composite samples. The nonparametric bootstrap is a special case of the Bayesian bootstrap (Alfaro et al., 2003) that is obtained without having to formally specify a priori and without having to sample from the posterior distribution (Hastie et al., 2009 ). The key expectation for bootstrap regression is the assumption that the sampled data provides a reasonable representation (i.e., mean and variance) of the population from which they came.
Bootstrapping incorporates probabilistic methods so that a probability distribution is assigned to the outcome of a statistical inference test (e.g. slope of a regression model) that is based on a distribution of continuous random variables. Probabilistic methods were used to control bias resulting from experimental design whereas benchmarking was used to control bias resulting from food web dynamics and trophic level structure. Bias resulting from variable exposure caused by organism movement across concentration gradients (Kim et al., 2016; McLeod et al., 2015) could not be controlled with presently available methods (discussed in Section S2.2.4 of the SI), but was evaluated from results for the benchmark and reference chemicals.
Benchmark and reference chemicals
For this study CB-180 was used as a benchmark chemical (TMF BM = 3.6; 95% CI = 2.9-4.5; n = 41) and CB-153 was used as a reference chemical (TMF REF = 3.5; 95% CI = 3.0-4.1; n = 47). The TMF BM and TMF REF values were derived from a database of available field TMFs (D.E. Powell, unpublished data). Because TMF is a lognormal distribution, summary statistics for TMFs of the PCB congeners were obtained using log transformed (i.e. converted to slopes) values. A similar database of published field TMFs (Walters et al., 2016) reported arithmetic mean TMFs (D. M. Walters, personal communication) , in contrast to geometric mean TMFs, of 5.2 for CB-180 (95% CI = 4.1-6.3; n = 43) and 6.0 for CB-153 (95% CI = 4.1-7.9; n = 50).
Statistical analysis
A Type I error (α) of 0.05 was used to judge the significance of all statistical tests. Uncensored measured values were used for all calculations even if the reported results were less than the reported limits of detection. Slope of the regression models used to calculate TMF were obtained by OLS regression and bootstrap regression of the log-transformed dependent variable (lipid-normalized concentration or concentration ratio) on δ 15 N. Bootstrap regression was performed using bivariate
Monte-Carlo resampling (n = 10,000 trials, with replacement) of probability density functions (PDF) that were defined for each species, based on the TMF regression model (Borgå et al., 2012b) , as normal sampling distributions for δ 15 N (‰) and as lognormal sampling distributions for concentrations and concentration ratios. Monte-Carlo resampling with replacement may be employed with logistic regression, quantile regression, and nonlinear univariate regression (Good, 2006) . Species-specific PDFs were defined by the mean and standard deviation of the sampling distributions for each species in the sampled food web. Because composite sampling provides an accurate estimate of the population mean but underestimates population variance, sampling variances for all composite samples and for samples having replication less than 3 (n b 3) were estimated using sampling variances from other studies conducted on cVMS and PCB (details provided in Section S3 if the SI). Sampling variance directly determines total uncertainty associated with the slope of the bootstrap regression model but does not change the slope itself. Thus increased sampling variance in the bootstrap increases the uncertainty associated with TMF (e.g. increases the 95% confidence interval), which by definition is a log normal distribution, but does not change the median or geometric mean TMF value. Covariance between sampled distributions was not assumed. Studentized deleted residuals were used to indicate data points that were possible outliers in the regression models (Sheskin, 2000) . A Studentized deleted residual greater than 1.5 in absolute value was interpreted as an indication that a species may have been subjected to different conditions of exposure relative to the other species. One-Way Analysis of Variance (ANOVA) from summary data was used to test for differences between results for Tokyo Bay and results reported by other studies for slopes and log-transformed concentrations. If the omnibus F test was significant a Tukey-Kramer multiple comparisons test was used to identify means that were different. Details of the statistical methods, including the bootstrap analyses are provided in Section S3 of the SI.
Results and discussion
Concentrations
Solids content, TOC, isotopic signatures (δ 13 C, δ 15 N), concentrations of cVMS and PCB varied spatially across surface sediments in Tokyo Bay (Tables S5-S7 , Figs. S2 and S3 of the SI), generally in relation to distance from the innermost part of the estuary near the mouths of the Arakawa River and the Edogawa River (Fig. S1 of the SI). Isotopic signatures for δ 13 C and δ 15 N in the sediments appeared to be related to proximity to the major rivers entering the estuary, but no statistically significant trends were identified. Concentrations of cVMS and PCB in the surface sediments were log-normally distributed over the study area, with concentrations decreasing with increasing distance from point-source discharges at the head of the estuary. Concentrations of D4 were less than the method detection limit in sediments towards the mouth of the estuary. Because concentration gradients were evident the study area was stratified, based on distance from the head of the estuary, and mean concentrations and standard deviations calculated using methods for a stratified experimental design (Gilbert, 1987) . The stratified experimental design generated very precise estimates of mean characteristics, concentrations, and burdens of cVMS and PCB in surface sediment across the defined study area (Tables S5-S7 of the SI) .
Length, weight, lipid content, and stable isotope signatures of fish in the sampled food web are provided in Table 2 . Concentrations of cVMS and PCB in fish (Table 3) were variable among species and were not significantly correlated with lipid content (p ≥ 0.12), regardless if concentrations were expressed on the basis of wet weight mass, dry weight mass, or log-transformed concentration. The lack of correlation indicated that biological accumulation of cVMS and PCB was not due to simple water-to-lipid partitioning (i.e., bioconcentration) alone, but was controlled by other processes such as exposure, dietary uptake (i.e., biomagnification), metabolism, assimilation efficiencies, and bioavailability. Relative to other aquatic food webs (Table S9 of the SI), mean concentrations of cVMS in fish (by species) from the pelagic food web in Tokyo Bay generally appeared to be:
• comparable to mean concentrations in fish from the demersal food web in Lake Pepin (Powell et al., 2009) , the demersal food web in outer Oslofjord , and the pelagic food web in Lake Randsfjorden ); • greater than mean concentrations in fish from the pelagic food web in outer Oslofjord and the mixed food web (confounded pelagic and demersal food webs) in Lake Erie (McGoldrick et al., 2014 ); • less than mean concentrations in fish from the pelagic food web in Lake Mjosa (Borgå et al., 2012a; Borgå et al., 2013) , the pelagic food web in inner Oslofjord , and the demersal food web in inner Oslofjord .
Food web structure 4.2.1. Food web dynamics
The sampled food web in Tokyo Bay (Table 1) was defined by six pelagic and one reef-associated finfish species (zooplankton and zoobenthos were not collected), representing seven genera across six families. Planktivorous forage species occupied the base of the sampled food web with juvenile gizzard shad (Konosirus punctatus) representing the lowest trophic level collected. Piscivorous predatory species occupied the top of the sampled food web, with adult Japanese seabass (Lateolabrax japonicus) representing the highest trophic level collected.
Isotopic signatures (Table 2) indicated that organisms in the sampled food web were feeding on a similar carbon source, which was significantly different from that measured in sediment (Table S5 and Fig.  S4 of the SI). The narrow ranges observed for δ 15 N and δ 13 C signatures indicated that the sampled food web in Tokyo Bay was pelagic dominated and trophically compressed, but was not extensively confounded by omnivorous feeding of consumers across multiple food chains that comprise the food web. The close similarity of the δ 15 N and δ 13 C signatures for juvenile gizzard shad, silver croaker (Pennahia argentata), and Japanese sardinella indicated that the three pelagic-neritic forage species were feeding on trophically equivalent planktivorous diets. The δ 15 N and δ
13
C signatures for Japanese seabass (a reef-associated neritic species) were similar to red barracuda (Sphyraena pinguis) and chub mackerel (Scomber japonicus), indicating that the three pelagic-neritic piscivorous carnivores were trophically similar and occupied a common trophic niche in the food web. Gut contents indicated that Japanese seabass and, presumably, other trophically similar species, were feeding on Japanese anchovy (Engraulis japonicus) and Japanese sardinella at the time of collection, indicating these species were separated by at least one trophic step.
Trophic length
Length of the sampled food web was estimated to be about 1.8 trophic steps when based on trophic levels obtained from FishBase (Froese and Pauly, 2015;  Table 1 ). Trophic length was also estimated (Eq. (1)) by dividing the range of δ 15 N across the sampled food web (Table 3; , which is comparable to average Δ 15 N = 2.5‰ TL − 1 reported by Vanderklift and Ponsard (2003) . Length of the sampled food web was equal to 2.0 trophic steps when average Δ 15 N = 2.4‰ TL − 1 reported Wyatt et al. (2010) was Table 3 Concentrations of cVMS and PCB in each species of fish collected from the pelagic marine food web of Tokyo (sampled November 2011). N signatures. b Means and standard deviations (SD) were used to define species-specific probability density functions (PDFs) for the probabilistic assessments. Concentrations in brackets [] were less than the MDL, but are reported as non-censored values. Standard deviations in parentheses () were estimated using sampling variances from other studies conducted on cVMS and PCBs. Estimated standard deviations were used for all composite samples and for samples having replication less than three (n ≤ 3).
used. The average Δ 15 N reported by Wyatt et al. (2010) was obtained by meta-analysis of isotope discrimination factors for coral reef fishes and, presumably, represents a more appropriate value for the pelagic marine food web in Tokyo Bay. (Caut et al., 2009; McCutchan et al., 2003; Vanderklift and Ponsard, 2003; Wyatt et al., 2010) . Omnivorous feeding also influences Δ 15 N (Elsdon et al., 2010; McCutchan et al., 2003; Robbins et al., 2010) , which further argues against applying meta-analysis averages to field studies to make conclusions about diet and trophic position, and by extension TMF. Slope of the TMF regression model (i.e., β δ15N [CONC]) and Δ
15
N are independent variables (Eq. (4)). Thus TMF may be calculated based on one of two assumptions: 1) that Δ 15 N is the same for similar food webs or 2) that TMF of a benchmark chemical is the same for similar food webs. We argue that the latter assumption is preferable and that Δ 15 N be derived from a benchmark chemical because: 
Exposure considerations
Except for Japanese seabass, the sampled food web in Tokyo Bay (Table 1) consisted of pelagic-neritic species that actively roam or migrate throughout the estuary feeding on nekton and plankton. Japanese seabass do not migrate as actively as the other species and feed on zoobenthos in addition to nekton. Spatial concentration gradients observed across surface sediments in Tokyo Bay (Figs. S2 and S3 of the SI), which were assumed to be indicative of spatial concentration gradients across the water column, suggested that concentrations of cVMS and PCB in organisms of the sampled food web may have been confounded by variable conditions of contaminant exposure. Modeling indicates that organism movement, sample collection location, and other factors (discussed in Section S2.2.4 of the SI) may cause biased and skewed estimates of TMF in areas where spatial concentration gradients are present (Kim et al., 2016; McLeod et al., 2015) . Although bootstrap regression and benchmarking are valuable tools for calculation of TMF these methods cannot correct for bias that may exist in the sample data because spatial concentration gradients are present. This is a concern especially for chemicals having point-source emissions (for example, pharmaceutical and personal care products disposed to wastewater). Unfortunatly methods to control for this potential bias, which is a complex function of exposure conditions and habitat utilization distributions of each organism across a study area, are not presently available and need to be developed. The confounding influence of concentration gradients will be further discussed in subsequent sections, specifically with results for the benchmark and reference chemicals.
Bioaccumulation
Bioaccumulation of non-ionic substances, such as cVMS and PCB, is a function of bioconcentration and biomagnification (Burkhard et al., 2013) , where bioconcentration is the non-trophic uptake and accumulation of a chemical in a specific organism from abiotic media (primarily water but also sediment and air) and biomagnification is the change in concentration of a chemical across organisms in a food web relative to the change in trophic level (TL) of the organisms. Bioaccumulation by low-TL planktivorous forage fish in Tokyo Bay was, presumably, controlled primarily by bioconcentration processes and lipid partitioning behavior (Drouillard et al., 2004; Gobas et al., 2015b; McGoldrick et al., 2014) , which are determined by interactions between lipid content (deBruyn and Gobas, 2007) , type of lipid (van der Heijden and Jonker, 2011), and chemical-specific lipid partition coefficients (Seston et al., 2014) . Bioaccumulation by high-TL species and piscivorous predatory fish was, presumably, controlled primarily by biomagnification processes determined by dietary uptake and biotransformation. Modeling (Kim et al., 2016) suggests that dietary uptake may account for greater than 80% of the accumulation of hydrophobic chemicals (log K OW N 6) by organisms that occupy trophic positions greater than TL = 3 (Fig. S5 of the SI) and that as a result of biotransformation (Arnot et al., 2008a; Arnot et al., 2008b ) a chemical space may exist for aquatic marine food webs where BCF is high (N2000) and TMF is less than 1 (Fig. S6 of the SI) .
Results for TMF (Table 4) indicated that bioaccumulation of cVMS in Tokyo Bay was markedly different from that of PCB (Fig. 1) . This was best demonstrated using slope ratios or, preferably, by regressing logtransformed concentration ratios on δ 15 N (Fig. 2) , which provided a convenient means to evaluate differences in bioaccumulation between chemicals (discussed in Section S2.2.3 of the SI). Concentration ratios or slope ratios can be used to evaluate if processes that influence bioaccumulation of a test chemical are the same as, similar to, or different from processes that influence bioaccumulation of the benchmark chemical or reference chemical. As shown in Fig. 2 , the slope of the CR CB-180 regression model for CB-153 was −0.004, indicating that the slope of CB-153 was 99% of the slope for CB-180 (i.e. the antilog of − 0.004 equals 0.991 or 99%) and that the TMF for CB-153 was 97% of the TMF for CB-180 (i.e. the antilog of − 0.004 × Δ 15 N equals 0.969 or 97%, where Δ 15 N = 3.4 ‰ TL −1 ). The similarity between slopes indicated that bioaccumulation of CB-180 and CB-153 across the sampled food web was controlled by essentially the same processes, as was expected.
In contrast, slopes of the CR CB-180 regression models for cVMS ranged from −0.172 to −0.151, were nearly parallel (i.e. slopes were similar), and intersected the regression line of the CR CB-180 regression model for CB-153. These results indicated that bioaccumulation of cVMS and PCB were influenced by different process that were specific to each class of chemical. Analogous to that observed for the CR CB-180 regression models, slopes of the CR D5 regression models (Fig. 2) further indicated that bioaccumulation of cVMS and PCB across the sampled food web in Tokyo Bay was controlled by different processes. In addition, comparison of slopes from the CR D5 regression models suggested that bioaccumulation of D6 (slope = 0.020) may have been influenced by slightly different process than D4 (slope = 0.002) or D5 (slope = 0.000). Modeling (Kim et al., 2016) has shown that bioaccumulation of hydrophobic chemicals across an aquatic marine food web is strongly influenced by differences in dietary uptake efficiency and biotransformation, factors that likely contributed to the observed difference in bioaccumulation between cVMS and PCB. Modeling also illustrates that hydrophobic substances that biotransform are most sensitive to the confounding impact of spatial concentration gradients, which may explain why bioaccumulation of D6 appeared to be different from D4 and D5.
Because CB-180 and CB-153 do not biotransform they were resonable choices as benchmark and reference chemicals to evaluate bioaccumulation across the sampled food web of Tokyo Bay. Nonetheless, use of the PCB congeners in this capacity was limited given that sources and loadings to the study area were not the same for cVMS, relative to PCB, and that thermodynamic disequilibria between surface sediment and the overlying water was likely different between the two classes of chemicals. Thus careful consideration must be given to source of entry of the test chemical (i.e. cVMS) to a study area when selecting benchmark and reference chemicals for TMF studies.
Trophic magnification 4.4.1. Standard approach TMF
Trophic magnification factors are preferable to other measures for comparing bioaccumulation between ecosystems (Gobas et al., 2009; Houde et al., 2008) and are particularly useful for comparing individual chemicals within a well defined food web of a single ecosystem (Borgå et al., 2012b; Law et al., 2006; Muir et al., 2004) . Regardless of the regression method or model that was used, TMFs for cVMS across the sampled food web in Tokyo Bay (Fig. 1) generally were not statistically different from a value of 1.0 and had ≤ 10% probability that TMFs were greater than 1.0 (Table 4 ). In contrast, TMFs for PCB were greater than or equal to a value of 2.2 with N 99% probability that TMFs were greater than 1.0. There was no evidence from any of the OLS or bootstrap regression models suggesting that trophic magnification of cVMS was significant or occurred across the sampled food web in Tokyo Bay.
Standard TMF (TMF STD ) values for cVMS (Table 4 ;
) that were obtained using OLS regression across the unbalanced design of individual samples (range 0.8 to 1.3) were markedly different, especially for D4, from TMF STD values that were obtained using OLS regression across the balanced design of sample means (range 0.6 to 0.7), reflecting the impact of sampling design on the regression model. In N) by the organism. Regression models were based on samples, sample means, slope ratios (R SLOPE ; β TM /β PCB-180 ), or concentration ratios (R CONCN ; C TM /C PCB-180 ). Slopes were converted to TMF using the equations provided.
addition, goodness of fit of the OLS regression models (r 2 ≤ 16%; p ≥ 0.33) indicated that trophic position was a weak descriptor of bioaccumulation for cVMS and that it was not possible to conclude if cVMS magnified or diluted across the sampled food web (95% confidence intervals for TMF STD ranged from 0.1 to 3.3). In contrast, analogous TMF STD values for PCB (range 2.2 to 2.7; r 2 ≥ 45%; p ≤ 0.07) indicated that trophic magnification of PCB was marginally significant across the sampled food web and that trophic position was a stronger but moderate descriptor of bioaccumulation for PCB. The inability to detect significant regression slopes for cVMS and PCB appeared to be related to the unbalanced design and small sample size (n = 13), relative to the large associated uncertainty, available for the OLS regression models. Typically, large sample sizes (i.e. n = 60 to 100) are required for an OLS regression model to have sufficient power to detect significant slopes for contaminants with apparent TMFs in the range of 0.5 to 2.0 (Borgå et al., 2012b; Conder et al., 2012) .
Standard TMF values for cVMS that were obtained using bootstrap regression models across sample means (Table 4) were identical to TMF STD values obtained by OLS regression across sample means, and had lower levels of associated uncertainty (i.e., 95% confidence intervals ranged from 0.4 to 1.0) with a probability ≤2.4% of being greater than a value of 1.0. Similarly, analogous TMF STD values for PCB that were obtained using bootstrap regression models were identical to TMF STD values obtained by OLS regression and had narrower confidence intervals, but had a probability N 99% of being greater than a value of 1.0. These results for TMF STD values obtained using bootstrap regression provided evidence that cVMS did not biomagnify across the sampled food web in Tokyo Bay and that trophic position was a strong descriptor for biodilution of cVMS and biomagnification of PCB.
Differences between OLS and bootstrap regression
Differences between TMF STD values obtained by OLS regression and bootstrap regression suggested that outliers and bias existed in the experimental design and the data that was generated for the sampled food web. In addition, standard bootstrap TMFs (Table 4) for the benchmark chemical CB-180 (median 2.3; 95% CI 1.7-3.1) and the reference chemical CB-153 (median 2.2; 95% CI 1.7-3.0) were considerably less than expected (TMF BM = 3.6, 95% CI = 2.9-4.5; TMF REF = 3.5; 95% CI = 3.0-4.1). This suggested that Δ 15 N for the sampled food web was greater than the average value of 3.4 ‰ TL −1 that is typically used to calculate TMF (Borgå et al., 2012b) but is not specific to the sampled food web. Benchmarking was thus incorporated into the regression models as an alternative method to derive a Δ 15 N value that was specific for the sampled food web and could be used to calculate TMF values that control for bias resulting from food web dynamics and trophic level structure.
Trophic enrichment factor (Δ
N values used to calculate TMF for aquatic food webs, reportedly range from 2.0 to 5.0 ‰ TL −1 (Jardine et al., 2006; Post, 2002; Starrfelt et al., 2013 ). An average value of Δ 15 N = 3.4 ‰ TL −1 is recommended for calculation of TMF (Borgå et al., 2012b) , unless there is a good understanding of the ecology of the food web being evaluated (Caut et al., 2009; Layman et al., 2012) . ). and trophic level structure, which may include: variability in food web and trophic structure, seasonal variability (especially for short-lived species), confounded food webs (benthic vs. pelagic), omnivorous feeding by consumers, and uncertainty associated with the average Δ 15 N value used for the calculation. Average Δ 15 N values used to calculate TMF have a high degree of associated variability which is a concern for TMF studies because the error is increasingly propagated through the trophic hierarchy of a food web. In contrast to average Δ
15
N values, uncertainty associated with Δ 15 N derived from a benchmark chemical is reduced because the value is specific to the sampled food web from which it was derived.
The benchmarked 15 N discrimination factor derived for the sampled food web in Tokyo Bay (i.e. Δ 15 N BM ) was 5.2 ‰ TL −1 (95% CI = 3.8-7.9
‰ TL −1 ) when based on measured concentrations of CB-180 and TMF BM = 3.6 (Table 4) . When Δ sures (discussed in Section S2.2.4 of the SI), which may include: multiple sources of contaminant (water, sediment, food), omnivorous feeding by consumers, and movement of organisms across spatial concentration gradients. The latter is a concern especially for chemicals having point-source emissions, such as those present in wastewater treatment plant effluent, that create exposure gradients across both water and sediment. In addition, Δ
N is quite variable (Steffan et al., 2013) , is especially sensitive to the relative δ 15 N values of source pools (Layman et al., 2012) , and is influenced by numerous physiological and environmental factors (Caut et al., 2009; Martínez del Rio et al., 2009; McCutchan et al., 2003; Wyatt et al., 2010) . For these reasons, TMFs calculated as a function of an average or constant value of Δ 15 N (Eq. (3) or (4)) were considered inferior to the alternative benchmarked TMFs (Eq. (5) or (6)) that were based on a calibrated food web and thus independent of a Δ 15 N value. Nonetheless, benchmarked TMFs are dependent upon the benchmark chemical used to calibrate the food web and may be biased for study areas where spatial concentration gradients are present, as was observed for Tokyo Bay. Thus the study area and food web to be evaluated should be carefully considered when selecting benchmark chemicals for TMF studies.
Alternative approach TMF
Benchmarked TMFs (Eqs. (4), (5), and (6)) obtained from bootstrap regression models (Table 4) were considered the best approach for evaluating trophic magnification across the pelagic food web in Tokyo Bay because bootstrap regression reduced bias by controlling for unbalanced sampling (i.e. use of pooled samples and unequal sample replication), improved the fit of the regression models, and generated a TMF for the reference chemical CB-153 (TMF = 3.4) that was comparable to the expected value (TMF REF = 3.5). Although Eqs. (4), (5), and (6) will generate the same median or geometric mean value for TMF, the 95% confidence intervals will be different for each equation depending upon how uncertainty was incorporated. Benchmarking based on slope ratios or concentration ratios provides a technique that can be used to ensure the sampled food web was not confounded (i.e. needed for hazard assessment) and has the potential to generate an unbiased TMF having reduced uncertainty (i.e., required for risk assessment). Concentration ratios are used for a priori benchmarking across a single study whereas slope ratios are used for a posteriori benchmarking across separate studies. Of the three approaches used to obtain benchmarked TMFs the use of concentration ratios (Eq. (6)) was considered the best approach because the calculation was based on concentrations in the organism, rather than slopes across the food web (Eq. (5)), and assumed that TMF BM rather than Δ 15 N BM was a constant (Eq. (4)). An additional advantage to calculating benchmarked TMFs based on concentration ratios (Eq. (6)), was that Studentized deleted residuals could be used to identify problematic organisms that may have been subjected to different conditions of exposure relative to other organisms in the sampled food web.
The poor fit of the benchmarked OLS regression models (Table 4 ) suggested that thermodynamic disequilibria between the sediment and water column was different for cVMS relative to PCB, presumably because of different sources and loadings to the study area. Results also indicated that TMFs for the sampled food web may have been biased because of sample collection location and non-uniform patterns of organism movement across spatial concentration gradients (Kim et al., 2016) . Analysis of Studentized deleted residuals (Table S8 of the SI) for regression models based on mean concentrations (Fig. 1) suggested that Japanese sea bass, adult gizzard shad, juvenile gizzard shad, and possibly chub mackerel and silver croaker, were subjected to different conditions of exposure, depending upon test chemical and ).
species (Fig. 3) . Studentized deleted residuals for regression models based on mean CR CB-180 concentration ratios (Fig. 2) suggested that conditions of exposure were different, relative to that of CB-180, for adult gizzard shad, juvenile gizzard shad, red barracuda, and silver croaker (Fig. S7 of the SI). Similarly, Studentized deleted residuals for regression models based on mean CR D5 concentration ratios (Fig. 2) suggested that conditions of exposure were different, relative to that of D5, for Japanese sea bass, chub mackerel, adult gizzard shad, and possibly red barracuda and silver croaker (Fig. S8 of the SI). Modeling (Kim et al., 2016) suggests that field TMFs for hydrophobic substances (log K OW N 6) that are subject to a low degree of biomagnification are most sensitive to spatial concentration gradients and non-uniform patterns of organism movement. Thus any assumptions of uniform conditions of exposure (Borgå et al., 2012b) do not apply to the sampled food web of Tokyo Bay, which may explain why Δ 15 N BM derived for the sampled food web appeared to have been too great (discussed in Section 4.5.3. Trophic Enrichment Factor) and further questions the use of PCB congeners as benchmark and reference chemicals for cVMS (discussed in Section 4.4. Bioaccumulation).
Comparison to other studies
Trophic magnification factors are considered preferable to other measures for evaluating bioaccumulation (Gobas et al., 2009 ) and may be broadly applied across ecosystems that differ considerably in location and characteristics, such as between freshwater and marine environments (Houde et al., 2008; Tomy et al., 2007; Wan et al., 2007) .
Other studies (Table 5) have reported TMFs for cVMS in pelagic and demersal marine food webs of Oslofjord , in a mixed marine food web (i.e. confounded pelagic and demersal food webs) in Dalian Bay (Jia et al., 2015) , in a demersal freshwater food web of Lake Pepin (Powell et al., 2009) , in pelagic freshwater food webs of Lake Mjøsa (Borgå et al., 2012a; Borgå et al., 2013) and Lake Randsfjorden , and a mixed freshwater food web in Lake Erie (McGoldrick et al., 2014) . All studies reported TMFs that were obtained by OLS regression of samples (TMF STD ; Eq. (3)) except for Lake Erie, which reported TMFs that were obtained by bootstrap regression across sample means. Field TMFs reported by other studies were recalculated here using bootstrap regression (Eq. (3)) as a robust alternative to OLS regression to reduce possible bias that may exist between study areas because of differences in experimental designs and food web dynamics. Bootstrap regression cannot correct for bias in the sample data, such as may occur because of variable exposure of organisms across spatial concentration gradients (Kim et al., 2016; McLeod et al., 2015) . Species-specific probability density functions used for the bootstrap regression models were defined using summary statistics (means and standard deviations, by species) for δ 15 N and lipid normalized concentrations that were reported by each study. Bootstrap TMFs were calculated using the standard Δ 15 N value of 3.4 ‰ TL −1 and were not benchmarked, thus uncertainty associated with Δ
15
N was not incorporated into the 95% confidence intervals.
Reported field TMF values that were obtained using OLS regression (TMF OLS ) were different from TMF values that were obtained using bootstrap regression (TMF BS ), reflecting the impact of experimental N for cVMS and PCB across the marine pelagic food web in Tokyo Bay (sampled November 2011). A Studentized deleted residual greater than 2 in absolute value (solid red line) implies that a data point may be an outlier in the regression model, and was interpreted here as an indication that a species was subjected to different conditions of exposure relative to the other species. A Studentized deleted residual greater than 1.5 in absolute value (dashed blue line) was interpreted here as an indication that a species may have been subjected to different conditions of exposure relative to the other species. design and differences between study areas (Fig. 4) . Generally, TMF BS was less than TMF OLS because of unbalanced sample designs where some species were collected and analyzed in large numbers (e.g., large fish that occupy higher trophic levels) relative to other species that were more difficult to collect or analyzed as a few composite samples (e.g. benthic invertebrates that occupy lower trophic levels). The impact of experimental design was most evident for Tokyo Bay because 7 of 8 species were analyzed as composite samples rather than individual samples. Although the field data was not sufficient to make a definitive assessment, the impact of experimental design on TMF appeared to be (continued) greatest for cVMS in demersal food webs and for PCB in pelagic food webs. This further suggested that thermodynamic disequilibria between the sediment and water column may have been different for cVMS relative to PCB, as previously discussed, and that assumptions of uniform conditions of exposure may not apply to the sampled food webs of any of the study areas identified in Table 5 . Highly significant differences (ANOVA; p b 0.01) and inconsistencies (i.e., TMF b 1 b TMF) were observed between bootstrap TMFs across the study areas where trophic magnification of cVMS has been evaluated (Table 5 ; Fig. 4 ). Median bootstrap TMFs for D4 were less than or equal to a value of 1.0 for all study areas (range 0.5 to 0.9), except for the mixed marine food web in Dalian Bay (TMF = 1.5) and the pelagic freshwater food web in Lake Mjøsa that was sampled in 2010 (TMF = 1.3). Median bootstrap TMFs for D4 across the sampled food webs in Dalian Bay and Lake Mjosa were significantly greater (TukeyKramer multiple compartisons test; p b 0.05) than median bootstrap TMFs for D4 across the sampled food webs of all other study areas. Similarly, median bootstrap TMFs were less than a value of 1.0 for D5 (range 0.3 to 0.8) and D6 (range 0.3 to 0.9) for all study areas, except for Dalian Bay (TMF = 2.2 for D5; TMF = 1.2 for D6) and the pelagic freshwater food webs in Lake Randsfjorden (TMF = 2.3 for D5; TMF = 1.6 for D6) and Lake Mjøsa (TMF = 2.5 to 3.2 for D5; TMF = 2.7 for D6). Bootstrap TMFs for D5 and D6 across the sampled food webs of Dalian Bay, Lake Mjosa, and Lake Randsfjorden were significantly greater (TukeyKramer multiple compartisons test; p b 0.05) than bootstrap TMFs for D5 and D6 for the sampled food webs of all other study areas. In contrast to that observed for cVMS, median bootstrap TMFs for PCB were consistent (i.e., TMF N 1.0) across all study areas for the benchmark chemical CB-180 (range 1.1 to 4.9) and the reference chemical CB-153 (range 2.0-4.5). However, with the exception of Lake Mjøsa, neither the benchmark value for CB-180 (TMF BM = 3.6) nor the reference value for CB-153 (TMF REF = 3.6) fell within the 95% confidence intervals for the bootstrap TMFs. Median bootstrap TMFs for pentabromodiphenyl ether (BDE-99), which was used as a reference chemical for Dalian Bay, Lake Mjosa, and Lake Randsfjorden, were also inconsistent (range 0.7 to 3.7) and not comparable to a reference TMF for BDE-99 (TMF REF = 1.8; 95% CI = 1.3-2.6; n = 15) that was derived from the published literature (D.E. Powell, unpublished data).
Median bootstrap TMFs for cVMS and PCB (Table 5) did not appear to be related to environment (marine vs freshwater), range of δ 15 N (a measure of food web length), range of δ 13 C (a measure of omnivorous feeding), or number of species in the sampled food web. Nor did median bootstrap TMFs appear to be related to range of concentrations across the sampled food webs, to type of food web (pelagic vs demersal), or to piscivorous predator at the top of the sampled food web (Table S9 of the SI). With the exception of a significant correlation (p = 0.02) between D5 and range of δ Lake Randsfjord (pelagic) Lake Erie (mixed) Fig. 4 . Comparison of means and 95% confidence intervals for field TMF of cVMS (D4, D5, D6) and reference chemicals (PCB-180, PCB-153, BDE-99) for aquatic food webs in study areas where cVMS have been studied. Red circles are the mean field TMF values that were reported for each study area and calculated by OLS regression (Eq. (3)) of samples. Blue circles are the mean field TMF values that were calculated for each study area by Bootstrap regression (Eq. (3)) using summary statistics (sample means and standard deviations) that were reported for each study area. Summary statistics and data source information for each study area are provided in Table 5. between median bootstrap TMFs for D5 and D6, but no significant correlation was observed between D4 and D5 (p = 0.09) or between D4 and D6 (p = 0.26). Like other bioaccumulation metrics, TMFs are subject to uncertainty and the influence of confounding variables. The differences and inconsistencies observed for TMFs across the study areas where trophic magnification of cVMS has been evaluated (Table 5 ; Fig. 4) , including Tokyo Bay, did not appear to be related to type of food web, environment, species composition, or site. Rather, the TMF contradictions between study areas may have been related to food web dynamics and variable conditions of exposure resulting from non-uniform patterns of organism movement across spatial concentration gradients. The range of δ 13 C across the food webs for some of the study areas (notably Dalain Bay, Lake Mjøsa, Lake Randsfjorden, and Lake Pepin) were greater than the ranges of δ 13 C across the other food webs ( Table 5 ), suggesting that omnivorous feeding by consumers may have occurred across trophically confounded food webs or that samples were inadvertanly collected from trophically distinct food webs. Other factors, such as fish mobility, home range, and age may also influence patterns of bioaccumulation (Delistraty, 2013; Greenfield and Allen, 2013; Monosson et al., 2003) , especially if exposure and concentration gradients are not taken into consideration. Further evidence that variable exposure across concentration gradients may be a confounding factor across the study areas, was that median bootstrap TMFs for the reference chemicals used in each study did not fall within the expected 95% confidence intervals. This indicated that the standard Δ 15 N value of 3.4 ‰ TL − 1 that was used to calculate TMF may not have been appropriate. Moreover, Δ 15 N BM values that could be derived from the sampled food webs were outside of the generally accepted range of 2.0 to 5.0‰ TL − 1 , which is an indication that the food webs may have been confounded by variable exposures as a result of non-uniform distributions and migration patterns.
Conclusions
Field TMFs are typically based on the assumption that broad migration patterns of fish species searching for food would minimize the confounding influence of spatial concentration gradients and sample collection location on contaminant exposure. Such assumptions of uniform distribution and migration patterns may be acceptable for areas where concentration gradients are minimal or do not exist, but may result in biased and skewed estimates of TMF for areas where concentration gradients are present, especially if non-migratory and sessile organisms are included in the sampled food web. Spatial concentration gradients of cVMS observed across surface sediments of Tokyo Bay and, presumably, the other study areas likely originated from point-source wastewater effluent emissions which are the most significant source of cVMS to aquatic environments. Modeling illustrates that hydrophobic substances such as cVMS, which biotransform and thus are subject to a low degree of biomagnification, are most sensitive to bias from sample collection location and the confounding impact of organism movement across spatial concentration gradients. Substances that exhibit borderline trophic magnification (i.e., TMF values close to 1.0) are also sensitive to unbalanced sampling designs and, by extenstion, the statistical methods used to evaluate the field data. Bootstrap regression models that incorporated benchmarking were considered superior to OLS regression models because they: 1) were effective at reducing bias from experimental design, 2) had the potential to control bias resulting from food web dynamics and trophic level structure, 3) improved fit of the regression models and reduced overall uncertainty, and 4) generated TMF values that were based on a calibrated food web. Moreover, bootstrap regression used to reproduce field TMF values from summary data provided a method to make unbiased comparisons between independent studies. Neither bootstrap or OLS regression can control for bias that exists in the sample data, such as may occur because of variable exposure across spatial concentration gradients, which is a complex function of organism movement, habitat utilization and sample collection location.
The present study provided evidence that trophic dilution of cVMS, not trophic magnification, occurred across for the pelagic marine food web in Tokyo Bay. The results for Tokyo Bay were in agreement with results from at least 6 of 10 other food web studies, suggesting that trophic dilution of cVMS was not likely related to type of food web (pelagic vs demersal), environment (marine vs freshwater), species composition, or location. Contradictory results in comparison with other studies may have been related to variable exposures across food webs resulting from non-uniform migration patterns and distributions. Future research on trophic magnification across aquatic food webs should, therefore, evaluate the impact of exposure and incorporate the use of benchmarking and reference chemicals to help verify results. Efforts should also be made to identify additional benchmark and reference chemicals to better represent the chemicals under evaluation. Availability of additional benchmark and reference chemicals would also allow for improved assessments of exposure and the impact of thermodynamic disequilibria between sediment and the water column.
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